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Abstract. Residues of pharmaceuticals are increasingly detected in surface waters throughout the world.
In four streams in Baltimore, Maryland, USA, we detected analgesics, stimulants, antihistamines, and
antibiotics using passive organic samplers. We exposed bioﬁlm communities in these streams to the com-
mon drugs caffeine, cimetidine, ciproﬂoxacin, and diphenhydramine. Respiration rates in the least urban
stream were suppressed when exposed to these drugs, but bioﬁlm functioning in the most urban stream
was resistant to drug exposure. Exposure to the antibiotic ciproﬂoxacin altered bacterial community com-
position at all sites, with the greatest change occurring in the most urban stream. These results indicated
that continuous exposure to drugs in urban streams may select for sub-populations of highly resistant bac-
teria that maintain community function in response to urban contaminants.
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INTRODUCTION
Microbial bioﬁlms, which are mixed assemblages
of microorganisms, that is, bacteria and algae,
encased in an extracellular matrix and attached to a
surface, are ubiquitous in aquatic habitats and are
frequently both structurally and taxonomically
complex (Davey and O’Toole 2000). Bioﬁlms are
key components of stream ecosystems because they
are major drivers of nitrogen and carbon cycling
(Battin et al. 2003), they are the base of stream food
webs (Hall and Meyer 1998, Pusch et al. 1998), and
they contribute to important ecosystem services,
such as decreasing nutrient pollution and bioreme-
diation of organic pollutants (Davey and O’Toole
2000). The composition and activity of stream bio-
ﬁlms have been shown to be sensitive to a variety
of ecological perturbations. In particular, recent
research illustrates that exposure to anthropogenic
contaminants such as pharmaceuticals and per-
sonal care products (hereafter referred to as drugs)
can inﬂuence stream bioﬁlm function, for example,
by suppressing processes such as primary produc-
tion and respiration (Bunch and Bernot 2011, Rosi-
Marshall et al. 2013, Lee et al. 2016, Richmond
et al. 2016). In addition, continuous exposure to
drugs can alter the diversity and taxonomic compo-
sition of microbial communities in freshwater
ecosystems by selecting for organisms that can tol-
erate or in some cases digest the contaminant
(Drury et al. 2013a, Rosi-Marshall et al. 2013, Lee
et al. 2016, Zhang et al. 2016). Changes in the
diversity and taxonomic composition of stream bio-
ﬁlms may have important implications for the
structure and function of these communities and
the ecosystem services they provide.
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Human-dominated landscapes, such as urban
rivers and streams, contain a host of anthro-
pogenic contaminants that can inﬂuence both the
structure and function of aquatic bioﬁlms.
Within urban ecosystems, contaminants includ-
ing drugs enter streams through point sources
such as discharge from septic ﬁelds, leaky sew-
age infrastructure, combined sewer overﬂows,
and wastewater treatment plant efﬂuent (Rosi-
Marshall and Royer 2012). In addition, non-point
sources such as runoff from impervious surfaces
can introduce contaminants to urban streams,
including road salt, inorganic nutrients, oil and
grease, trace metals, and polyaromatic hydrocar-
bons. As the global human population increases
and our world becomes more urban (Grimm
et al. 2008), the concentrations of these contami-
nants in surface waters will continue to increase.
Understanding the extent to which contaminants
inﬂuence aquatic bioﬁlm structure and function
will be essential for maintaining the ecosystem
services that streams provide. Currently, the
effects of these urban contaminants, which gen-
erally occur as complex mixtures, on stream
ecosystems are not well understood. We posit
that these contaminants will exert signiﬁcant
pressure on the taxonomic composition and
function of aquatic bioﬁlms, which will have
major consequences for the sustainability of the
function and structure of these ecosystems.
In Baltimore, Maryland, USA, the suburban
and urban streams draining the metropolitan area
have high concentrations of nutrients (Kaushal
et al. 2011) and metals (Kaushal and Belt 2012),
and indicators of sewage inputs, mainly due to
leaking sanitary infrastructure and impervious
surface runoff (Kaushal and Belt 2012). This urban
sewage input delivers a range of drugs to these
streams, with higher concentrations in more
urbanized catchments (Lee et al. 2016). Therefore,
these streams offer an opportunity to assess the
impacts of dispersed anthropogenic contaminants
associated with urbanization on the structure and
function of stream bioﬁlms. We hypothesized that
residues of biologically active drugs are present in
streams in Baltimore and that drug concentrations
are highest in the most urbanized streams, similar
to other research at these sites (Lee et al. 2016).
Furthermore, we hypothesized that bioﬁlms in
the most urban streams are resistant, in terms of
both taxonomic composition and function, to the
drugs due to previous exposure. In contrast, we
hypothesized that bioﬁlms in suburban streams
are sensitive, in terms of both taxonomic composi-
tion and function, to drugs due to less previous
exposure. To test these hypotheses, we used polar
organic chemical integrative samplers (POCIS)
(Alvarez et al. 2005) to identify and quantify a
suite of drugs in four streams in Baltimore rang-
ing from suburban to highly urban (Fig. 1). We
also used contaminant exposure substrates (CES;
Rosi-Marshall et al. 2013, Costello et al. 2016) to
experimentally expose bioﬁlms in the same four
streams to four drugs (caffeine, the antibiotic
ciproﬂoxacin, and the antihistamines cimetidine
and diphenhydramine) and measured both the
ecological function (as respiration) and the bacte-
rial community composition (based on high-
throughput sequencing of 16S rRNA genes) of
Fig. 1. Concentrations of pharmaceuticals that accu-
mulated in passive samplers during a two-week
deployment at four stream sites along a suburban to
urban gradient. Impervious surface area in the water-
shed as indicated by the dots aligned with the second
y-axis provides information on the extent of urbaniza-
tion of the four sites. Letters below sites indicate signif-
icant differences in concentrations across sites (Tukey’s
honestly signiﬁcant difference [HSD]; P < 0.05). Signif-
icant differences were seen across all compounds
(Tukey’s HSD; P < 0.05) except the concentrations of
sulfamethoxazole and morphine were similar at the
sites (Tukey’s HSD; P = 0.99).
 ❖ www.esajournals.org 2 January 2018 ❖ Volume 9(1) ❖ Article e02041
ROSI ET AL.
bioﬁlms. Functional resistance and changes in
composition were assessed based on comparisons
to control substrates not exposed to drugs. Results
generally conﬁrmed our hypotheses and indi-
cated that urban streams had higher concentra-
tions of drugs and contained bioﬁlms with
greater functional resistance to drugs than bio-
ﬁlms from less urban streams. However, in con-
trast to our hypothesis, bioﬁlms in urban streams
had signiﬁcantly altered community composition
in response to drugs. This indicates that large
shifts in community taxonomic composition may
be responsible for maintaining function. Our
results provide novel insights into the ability of
streammicrobial communities to maintain ecosys-
tem services in the face of exposure to increasing
levels of anthropogenic contaminants.
METHODS
Study sites
Work was conducted at four stream sites in
Maryland, USA. These streams are in the Balti-
more metropolitan area and are long-term
research sites of the Baltimore Ecosystem Study
(beslter.org) representing a suburban to urban
gradient. The streams are part of the Gwynns
Falls watershed (76°30ʹ, 39°15ʹ), which lies pre-
dominantly within the Piedmont physiographic
province in Baltimore County and Baltimore
City. The watershed drains a total area of
17,150 ha and ﬂows to the Northwest Branch of
the Patapsco River, which discharges into the
Chesapeake Bay. The main channel of the
Gwynns Falls watershed extends from urban Bal-
timore City at its mouth to suburban and rural
portions of Baltimore County. The watershed is
classiﬁed as being mainly urbanized with a pop-
ulation of 356,000 people. Detailed descriptions
of the watershed, streams, land-use classiﬁca-
tions, hydrologic monitoring, and nitrogen
dynamics can be found in Groffman et al. (2005),
Kaushal et al. (2008, 2011), and at www.beslter.
org. The four stream sites used in this study were
Gwynnbrook (GB), Dead Run (DR), Carroll Park
(CP), and Gwynns Run (GR). These sites repre-
sent a distinct gradient in sewage contamination
and nutrient levels (Groffman et al. 2005, Kaushal
et al. 2011, Rosi-Marshall et al. 2013). Gwynns
Run is the most urbanized site and has docu-
mented sewage contamination (Kaushal et al.
2011, Duan et al. 2012). Gwynnbrook, which is
located in the upper watershed, is considered rural
and suburban. Carroll Park and DR are located
between GB and GR and are intermediate in terms
of anthropogenic inputs.
Passive organic contaminant integrative samplers
Within each stream, we placed POCIS (Alvarez
et al. 2004, 2005, Petty et al. 2004). Polar organic
chemical integrative samplers were deployed in
March 2012 and were left in place for two weeks.
At the completion of the sampling period, POCIS
were removed from the streams, transported
back to the laboratory on ice, and shipped on ice
to University of Nebraska for extraction and
quantiﬁcation of recovered compounds. Polar
organic chemical integrative samplers were pro-
cessed as described previously (Bartelt-Hunt
et al. 2011, Brown et al. 2015, Jaimes-Correa
et al. 2015). Brieﬂy, drugs were eluted from the
POCIS with methanol and were identiﬁed and
quantiﬁed by liquid chromatography–tandem
mass spectrometry. The results are express as ng/
POCIS to avoid complications or assumptions
required in estimating time-weighted average
water column concentrations (Alvarez et al.
2005). In this study, the following compounds
were assayed: acetaminophen (analgesic), caf-
feine (stimulant), sulfamethoxazole (antibiotic),
diphenhydramine (antihistamine), amphetamine
(stimulant), and morphine (opioid).
In situ contaminant exposure substrates
We used CES (Rosi-Marshall et al. 2013, Cost-
ello et al. 2016) to measure the responses of bio-
ﬁlms in each of the four streams to caffeine,
cimetidine, ciproﬂoxacin, and diphenhydramine.
This contaminant exposure method allowed us
to test the effects of drugs on the structure and
function of microbial communities in situ. CES
consisted of 30-mL polyethylene cups ﬁlled with
a 2% (by weight) agarose gel amended with
caffeine, ciproﬂoxacin, cimetidine, diphenhy-
dramine, or no pharmaceutical. The compounds
employed in the CES did not completely overlap
with the compounds assayed for in the passive
samplers. However, ciproﬂoxacin and cimetidine
are commonly detected in surface waters (Kolpin
et al. 2002) and were investigated in a previous
CES study (Rosi-Marshall et al. 2013) so we
included them in the CES experiment to allow
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comparison. The concentration of drug in each
cup was 0.015 mol/L. The goal in selecting this
drug concentration was not to mimic the concen-
tration of drugs found in the ﬁeld, but rather to
create enough selective pressure on the develop-
ing bioﬁlms to enable us to discriminate the
degree of drug resistance of microbial communi-
ties from the four sites used in this study. This
speciﬁc concentration was chosen because we
had previously demonstrated that all four of
these drugs applied at this concentration in CES
resulted in signiﬁcant decreases in respiration
rates in three suburban streams in New York,
Indiana, and Maryland, USA, including the DR
site used in the current study (Rosi-Marshall
et al. 2013). Each cup was capped with a cellu-
lose sponge to promote colonization by hetero-
trophic microorganisms. Five replicate CES of
each drug treatment and an additional control
treatment containing no drugs were secured to
the stream bottom on plastic L-bars, with treat-
ments and replicates arranged randomly. The
CES were deployed in March 2012 and were left
in place for two weeks over the same incubation
period as POCIS. CES were then collected and
transported to the laboratory on ice.
Biofilm activity
We measured community respiration (R) for
bioﬁlms colonizing the cellulose sponges from
each CES. Each sponge was placed in a 50-mL
centrifuge tube, and each tube was ﬁlled with
ﬁltered stream water with known initial dissolved
oxygen (DO) concentration. All stream water
used was ﬁltered through GN-6 Metricel Mem-
brane (Pall Corporation, Port Washington, New
York, USA) ﬁlters with a pore size of 0.45 lm,
and after ﬁltration, we measured DO with an
optical meter (ProODO meter; YSI, Yellow
Springs, Ohio, USA). Each tube was capped
underwater to remove all air bubbles and was
incubated in the dark for 2–4 h. We included
“blank” tubes, which were ﬁlled with ﬁltered
stream water only, to correct for changes in back-
ground DO. After the incubation period, we
measured the DO concentration in each of the
tubes. We calculated R as the change in DO per
substratum area per time (Hill et al. 2002). After
completion of the respiration assay, cellulose
sponges were immediately frozen at 20°C for
subsequent DNA extraction.
Microbial community composition
We measured the diversity and composition of
the bioﬁlm bacterial communities colonizing the
CES cellulose sponges using high-throughput
amplicon sequencing. We extracted DNA directly
from the cellulose sponges using the MoBio Power
Bioﬁlm DNA Isolation Kit (MoBio, Carlsbad, Cali-
fornia, USA) according to the manufacturer’s
instructions. The extracted DNA was stored at
20°C and shipped on dry ice to Argonne
National Lab for ampliﬁcation and sequencing of
16S rRNA genes. PCR ampliﬁcation of the V4
region of the 16S rRNA gene was performed using
primers 515F and 806R (Caporaso et al. 2012) and
the following PCR cycling parameters: 5-min
denaturation at 95°C; 28 cycles of 95°C for 30 s,
55°C for 45 s, and 72°C for 30 s; and 7-min elon-
gation at 68°C. The V4 hypervariable region was
chosen because it has been shown to provide spe-
cies richness estimates comparable to those
obtained with the nearly full-length 16S rRNA
gene (Youssef et al. 2009). Sequencing was con-
ducted as previously described (Caporaso et al.
2012) using the Illumina MiSeq platform in a
2 9 250 bp paired-end format. All sequence data
produced in this study can be downloaded from
the National Center for Biotechnology Informa-
tion (NCBI) Sequence Read Archive (SRA) with
accession number SRP092627.
DNA sequences were processed using mothur
v.1.30.2 (Schloss et al. 2009) following the MiSeq
Standard Operating Procedure (Kozich et al.
2013). Brieﬂy, paired reads were assembled and
any sequences longer than 275 base pairs or
sequences with ambiguities or homopolymers
longer than 8 base pairs were removed from the
data set. Sequences were aligned using the SILVA-
compatible alignment database (Quast et al. 2013)
available within mothur. Aligned sequences were
screened to remove poorly aligned sequences, and
chimeric sequences were identiﬁed and removed
using Uchime (Edgar et al. 2011). The remaining
4.9 million high-quality sequences were trimmed
to a uniform length of 253 base pairs. Sequences
were assigned to taxa using the mothur-formatted
version of the RDP training set (v.9) and the
method described by Wang et al. (2007) with a
bootstrap value of 80% for the classiﬁcation cutoff.
All unknown (i.e., not identiﬁed as bacterial),
chloroplast, mitochondrial, archaeal, and eukary-
otic sequences were removed. Sequences were also
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clustered into operational taxonomic units (OTUs)
based on 97% sequence identity using the average
neighbor algorithm. In order to avoid biases asso-
ciated with uneven numbers of sequences across
samples, the entire data set was randomly sub-
sampled to 10,218 sequences per sample. Good’s
coverage was calculated for each sample to esti-
mate the sequence coverage of the data set (Good
1953) and indicated >80% coverage of bacterial
OTUs in all samples. Chao1 richness was calcu-
lated to provide an estimate of the total number of
bacterial taxa within each of the samples (Chao
1984). Some sequences that were assigned to
unclassiﬁed genera by mothur were compared to
the NCBI database of bacterial and archaeal 16S
rRNA sequences (ftp://ftp.ncbi.nlm.nih.gov/blast/
db/) using blastn version 2.6.0 (ftp://ftp.ncbi.nlm.
nih.gov/blast/executables/blast+/).
Statistics
Drug concentrations were compared across
sites using two-way ANOVA with site and drug
as the factors, followed by Tukey’s multiple com-
parison test on main effects when ANOVA
results were signiﬁcant. Respiration rates were
analyzed by ﬁrst calculating response ratios as:
Response Ratio ¼ Rtrt=Rmean:ctl
where Rtrt is respiration rate for each replicate
treatment CES, and Rmean.ctl is the mean of control
CES from the same deployment. Response ratios
were then compared across sites using one-way
ANOVA followed by Tukey’s multiple compar-
ison test when ANOVA results were signiﬁcant.
ANOVA and Tukey’s analyses were performed
using R (version 3.3.1; R Development Core Team
2016) with a level of statistical signiﬁcance set
at a < 0.05. The composition of the bacterial
communities in the samples was compared by
calculating Bray–Curtis dissimilarities between
samples (Bray and Curtis 1957) based on the OTU
abundance data and ordinating the resulting dis-
tance matrix using non-metric multidimensional
scaling (nMDS) run within mothur. The signiﬁ-
cance of differences between treatment groups in
the nMDS ordination was determined using anal-
ysis of molecular variance (AMOVA) calculated
with mothur. The SIMPER routine in the Primer
V.5 software package (Primer-E, Plymouth, UK)
was used to identify the bacterial genera (identi-
ﬁed by comparison with the RDP training set v.9)
making the largest contributions to differences in
composition between treatments.
RESULTS
The abundance of six common drugs (ac-
etaminophen, caffeine, sulfamethoxazole, diphen-
hydramine, amphetamine, and morphine) was
measured in four streams in Baltimore, Maryland,
that were known to vary in degree of anthro-
pogenic inputs (Kaushal and Belt 2012). Polar
organic chemical integrative samplers were used
to measure the cumulative loads of these com-
pounds in the streams during a two-week period.
All six compounds were detected in samples from
at least one of the sites, with the most urban site
(GR) having the highest relative concentrations of
all detected drugs and the more suburban site
(GB) having the lowest relative concentrations
(two-way ANOVA and subsequent Tukey’s
honestly signiﬁcant difference [HSD]; df = 3, 48;
F = 485.32; P < 0.05; Fig. 1). Caffeine was the
most abundant drug recovered at all sites (two-
way ANOVA and subsequent Tukey’s HSD;
df = 5, 48; F = 288.11; P < 0.05), and it was high-
est at GR (1110 ng/POCIS) and lowest at GB
(27 ng/POCIS). Amphetamine was quite abun-
dant at GR (503 ng/POCIS) but was much lower
at all other sites (between 3 and 80 ng/POCIS).
Finally, the widely used pain reliever acetamino-
phen was abundant at GR (261 ng/POCIS) and
tended to decrease with decreasing urbanization
of the sites (Fig. 1). Sulfamethoxazole, a com-
monly used antibiotic, was detected at all sites,
but the concentrations were higher in the two
more urban sites, and the antihistamine diphen-
hydramine was lower than all other drugs, but
was highest at the most urban site. Morphine, the
breakdown product of heroin, was detected at all
sites, but was highest at the most urban site and
reﬂects the use of illicit drugs in Baltimore. Illicit
drugs such as heroin may have ecological conse-
quences because they are potent compounds
(Rosi-Marshall et al. 2015).
The potential of drug exposure to affect the
composition and function of stream microbial
communities was assessed at the same four sites
in Baltimore using CES (Rosi-Marshall et al. 2013,
Costello et al. 2016). Caffeine (df = 1, 52; F = 6.59;
P < 0.05), cimetidine (df = 1, 51; F = 7.02;
P < 0.05), and ciproﬂoxacin (df = 1, 52; F = 12.76;
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P < 0.05) all signiﬁcantly reduced bioﬁlm respira-
tion across all sites, whereas diphenhydramine
had a marginal effect (df = 1, 52; F = 3.34;
P = 0.07). Looking across all sites, the greatest rel-
ative reduction in bioﬁlm respiration based upon
response ratios was found at the least urban site
(GB; Fig. 2) across all four pharmaceuticals, with
the antibiotic ciproﬂoxacin having the largest neg-
ative effect on respiration rates (Fig. 2).
The CES data indicated that the functional
responses of bioﬁlm communities to the four drugs
varied by site (Fig. 2). Speciﬁcally, the effects of the
drugs on respiration rates tended to be greater at
less urbanized sites (GB, DR), which had the low-
est background drug concentrations (Fig. 1).
Response ratios were signiﬁcantly lower for CES
from GB than GR for both ciproﬂoxacin (df = 3,
16; F = 20.02; P < 0.05) and cimetidine (df = 3, 15;
F = 6.64; P < 0.05). Although there were no signiﬁ-
cant differences (df = 3, 16; F = 1.19; P > 0.1)), a
similar pattern was observed for diphen-
hydramine, that is, greater effects in the non-urban
stream than in the urban stream. For caffeine, two
of the less urban streams indicated a slight but
non-signiﬁcant response to caffeine (df = 3, 16;
F = 2.98; P = 0.06) while the most urban stream
had no response to this drug. Bioﬁlms from the
most urbanized site (GR), which had the highest
background drug concentrations (Fig. 1), showed
no signiﬁcant reductions, and in two cases, respira-
tion rates were elevated with increasing exposure
to drugs (Fig. 2).
The bacterial taxonomic composition of bio-
ﬁlms formed on the CES was assessed via a cul-
ture-independent molecular approach based on
high-throughput sequencing of 16S rRNA genes.
Bioﬁlm bacterial communities from the four ﬁeld
sites were distinct in composition, as demon-
strated by clustering of the control treatments by
site on the nMDS plot (Fig. 3) and AMOVA (all
comparisons of control treatments by site had
P < 0.001; Table 1). On the control substrates with
no drugs, the largest difference in community
composition (based on Bray–Curtis dissimilarity
scores) occurred between the least urbanized site
(GB) and the most urbanized site (GR), with DR
and CP communities intermediate between them
(Fig. 3). SIMPER analysis was used to identify the
bacterial genera making the most signiﬁcant con-
tributions to differences in composition between
the urbanized and less urbanized sites (Table 2).
Some examples included Aeromonas and Flavobac-
terium, both of which were more abundant at the
more urbanized sites. Bioﬁlm bacterial communi-
ties from the four ﬁeld sites also varied signiﬁ-
cantly (F3 = 13.138; P < 0.001) in taxonomic
richness, with the most urbanized site (GR) hav-
ing a signiﬁcantly higher (P < 0.05) estimated
number of bacterial taxa (6329  357) as com-
pared to GB (4821  349), DR (3295  346), and
CP (4024  355).
Exposure to the antibiotic ciproﬂoxacin resulted
in a signiﬁcant shift in the taxonomic composition
of bioﬁlms from all four sites, as indicated by the
Fig. 2. Respiration rates of bioﬁlm communities in
streams along a suburban to urban gradient grown on
organic substrates and exposed to pharmaceuticals (A)
caffeine, (B) ciproﬂoxacin, (C) cimetidine, and (D)
diphenhydramine. Bars represent response ratios of
respiration rates for pharmaceutical treatments: no
pharmaceutical controls. The dashed line indicates a
response ratio of 1, indicating no effect of exposure to
the drug. Lowercase letters indicate signiﬁcant differ-
ences between sites (Tukey’s honestly signiﬁcant differ-
ence; P < 0.05). Error bars represent standard error.
No signiﬁcant differences were seen between sites for
A or D.
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separation between the control and ciproﬂoxacin-
treated samples on the nMDS plot (Fig. 3) and
AMOVA (all comparisons of control and cipro-
ﬂoxacin-treated samples had P ≤ 0.001; Table 1).
It is noteworthy that the ciproﬂoxacin-treated
samples from all four sites clustered together on
the nMDS plot (Fig. 3). However, ciproﬂoxacin-
treated samples from each individual site could
still be discriminated on the nMDS plot (Fig. 3)
and were signiﬁcantly different based on AMOVA
(all comparisons of ciproﬂoxacin-treated samples
by site had P < 0.05; Table 1). Comparison of the
ciproﬂoxacin amended and control substrates also
indicated that ciproﬂoxacin exposure resulted in a
decrease in taxonomic richness for bioﬁlm com-
munities from all four sites. The most urbanized
site (GR) had a signiﬁcantly greater (F = 5.284;
P < 0.010) decrease in estimated total taxa in the
ciproﬂoxacin-exposed bioﬁlms (52% decrease)
than the other sites (36%, 38%, and 33% decreases
for GB, DR, and CP, respectively).
SIMPER analysis was used to identify the bacte-
rial genera making the most signiﬁcant contribu-
tions to differences in composition between the
control and ciproﬂoxacin-treated samples. One
notable example was the bacterial genus Pedobac-
ter, which predominated in ciproﬂoxacin-treated
bioﬁlms, representing on average 23% of total
sequences, but was a minor component of bio-
ﬁlms without ciproﬂoxacin exposure, representing
on average <0.5% of sequences (Fig. 4, Table 3).
Ciproﬂoxacin also signiﬁcantly increased the
relative abundance of an unclassiﬁed genus from
the family Bradyrhizobiaceae, which represented
4% of total sequences in ciproﬂoxacin-treated
bioﬁlms but 0.2% or less in bioﬁlms without cipro-
ﬂoxacin exposure (Fig. 4, Table 3). Comparison of
the sequences from this unclassiﬁed genus of
Bradyrhizobiaceae with the NCBI 16S rRNA data-
base revealed that the closest match for 78% of the
sequences was the genus Rhodopseudomonas, with
all of these matches having >98% coverage and
>92% identity. Moreover, 74% of the sequences
matching the genus Rhodopseudomonas had their
closest match to the species pseudopalustris, with
all of these matches having >94% coverage and
>97% identity. Finally, ciproﬂoxacin exposure also
dramatically decreased the relative abundance of
sequences from the bacterial genus Pseudomonas
(Fig. 4, Table 3).
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Fig. 3. Non-metric multidimensional scaling ordination of bioﬁlm bacterial communities in streams along a
suburban to urban gradient grown on organic substrates and exposed to pharmaceuticals. Stress value of ordina-
tion 0.316. Ellipses were drawn by hand to highlight each of the treatments.
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Table 2. Relative abundance† of bacterial genera making the most signiﬁcant contributions to differences in com-
munity composition between the control substrates from the least urbanized site (Gwynnbrook [GB]) and the
most urbanized site (Gwynns Run) as identiﬁed by SIMPER (mean  standard error).
Bacterial genus GB Dead Run Carroll Park Gwynn’s Run F‡ P‡
Janthinobacterium 5.26  2.24A§ 2.52  1.69A 0.43  0.22A 4.87  2.42A 1.53 0.22
Methylophilus 8.44  1.22A 4.99  0.73AB 2.87  1.05B 2.67  0.53B 8.13 0.00
Pseudomonas 6.35  1.77A 19.55  3.57B 2.98  0.89A 8.30  1.11A 11.37 0.00
Aeromonas 0.83  0.59A 1.16  0.22A 1.15  0.44A 5.12  1.09B 9.71 0.00
Flavobacterium 4.57  0.50A 3.35  0.74A 7.55  1.03B 9.01  0.76B 10.98 0.00
Oxalobacteraceae¶ 5.09  1.23A 0.81  0.41B 0.15  0.04B 0.79  0.30B 11.46 0.00
Methylophilaceae¶ 4.17  0.60A 0.13  0.03B 0.14  0.08B 0.25  0.06B 41.57 0.00
Acidovorax 0.13  0.02A 0.18  0.05A 0.32  0.04A 3.84  0.43B 77.83 0.00
Rhizobium 0.59  0.07A 2.59  0.32B 1.10  0.16A 3.03  0.48B 15.88 0.00
Rhodocyclaceae¶ 0.10  0.01A 0.24  0.04A 0.19  0.05A 2.48  0.30B 61.36 0.00
Comamonadaceae¶ 7.97  0.82A 5.88  0.91A 7.80  0.49A 7.74  0.49A 1.92 0.14
Albidiferax 2.43  0.24A 0.05  0.01B 4.60  0.54C 0.10  0.02B 52.08 0.00
Gammaproteobacteria¶ 1.24  0.11A 1.98  0.37AB 4.67  0.45C 3.19  0.30B 20.74 0.00
Burkholderiales¶ 3.00  0.33A 3.07  1.34A 2.04  0.20A 4.64  0.53A 1.93 0.14
Chitinophagaceae¶ 2.83  0.39A 0.39  0.08B 0.62  0.09B 0.95  0.15B 25.83 0.00
† Number of sequences assigned to a genus as a percentage of the total number of sequences analyzed for that sample.
‡ Based on one-way ANOVA.
§ Within each genus, data points followed by different letters are signiﬁcantly different based on Tukey’s post hoc test.
¶ Taxon assignments above the genus level indicate that these sequences were assigned to that taxon but could not be
assigned to a genus within that taxon with >80% conﬁdence.
Table 1. Analysis of molecular variance results for comparisons of bacterial community composition between
treatments.
Comparison F P
Gwynnbrook Control vs. Dead Run Control 11.592 <0.001
Gwynnbrook Control vs. Carroll Park Control 13.125 <0.001
Gwynnbrook Control vs. Gwynns Run Control 12.730 <0.001
Dead Run Control vs. Carroll Park Control 15.663 <0.001
Dead Run Control vs. Gwynns Run Control 14.780 <0.001
Carroll Park Control vs. Gwynns Run Control 15.667 <0.001
Gwynnbrook Control vs. Gwynnbrook Ciproﬂoxacin 6.328 <0.001
Dead Run Control vs. Dead Run Ciproﬂoxacin 15.829 <0.001
Carroll Park Control vs. Carroll Park Ciproﬂoxacin 3.794 0.001
Gwynns Run Control vs. Gwynns Run Ciproﬂoxacin 11.444 <0.001
Gwynnbrook Ciproﬂoxacin vs. Dead Run Ciproﬂoxacin 3.753 0.021
Gwynnbrook Ciproﬂoxacin vs. Carroll Park Ciproﬂoxacin 7.076 0.001
Gwynnbrook Ciproﬂoxacin vs. Gwynns Run Ciproﬂoxacin 4.095 0.009
Dead Run Ciproﬂoxacin vs. Carroll Park Ciproﬂoxacin 12.841 0.002
Dead Run Ciproﬂoxacin vs. Gwynns Run Ciproﬂoxacin 3.100 0.009
Carroll Park Ciproﬂoxacin vs. Gwynns Run Ciproﬂoxacin 9.981 0.004
Gwynnbrook Control vs. Gwynnbrook Cimetidine 1.635 0.052
Dead Run Control vs. Dead Run Cimetidine 3.006 0.051
Carroll Park Control vs. Carroll Park Cimetidine 1.650 0.086
Gwynns Run Control vs. Gwynns Run Cimetidine 2.343 <0.001
Gwynnbrook Control vs. Gwynnbrook Caffeine 1.508 0.071
Dead Run Control vs. Dead Run Caffeine 1.676 0.078
Carroll Park Control vs. Carroll Park Caffeine 0.990 0.383
Gwynns Run Control vs. Gwynns Run Caffeine 1.816 0.028
Gwynnbrook Control vs. Gwynnbrook Diphenhydramine 2.320 0.057
Dead Run Control vs. Dead Run Diphenhydramine 6.470 <0.001
Carroll Park Control vs. Carroll Park Diphenhydramine 1.915 0.036
Gwynns Run Control vs. Gwynns Run Diphenhydramine 4.697 0.001
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DISCUSSION
In general, our data demonstrate that there are
higher concentrations of pharmaceuticals and per-
sonal care products in more urbanized streams
and that common drugs can affect respiration
rates and bacterial composition of stream bio-
ﬁlms. The POCIS method for drug detection was
chosen because it has been shown to detect a
wider range of organic contaminants than stan-
dard water column sampling. Polar organic chem-
ical integrative samplers detect compounds that
are intermittently present or present in low con-
centrations, and because this approach is very
well suited to measuring relative time-weighted
average chemical exposure to aquatic organisms
(Alvarez et al. 2005). Our data demonstrate that a
suite of commonly used drugs occurs in these
urban streams, as has been shown elsewhere (Lee
et al. 2016).
Caffeine was the most abundant drug detected
at all sites. Caffeine is a popular stimulant that is
present in a wide range of beverages (e.g., coffee,
tea, soft drinks, and energy drinks) and many
prescription and over-the-counter drugs (Lawr-
ence et al. 2012). Caffeine has been detected pre-
viously in surface waters receiving wastewater
inputs (Alvarez et al. 2005, Aufdenkampe et al.
2006, Choi et al. 2008) and is commonly used
as a marker for wastewater contamination of
Fig. 4. Response ratios of bacterial genera making the most signiﬁcant contributions to differences in commu-
nity composition between ciproﬂoxacin-treated and non-ciproﬂoxacin-treated samples as identiﬁed by SIMPER.
Bars above the 1 line indicate an increase in representation in the ciproﬂoxacin-treated bioﬁlm relative to the con-
trol bioﬁlms, and bars below the 1 line indicate reductions relative to control. Study sites include GB (suburban),
DR (intermediate urban), CP (more urban), and GR (most urban). CP, Carroll Park; DR, Dead Run; GB, Gwynn-
brook; GR, Gwynns Run.
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surface waters (Standley et al. 2000, Buerge et al.
2003). Therefore, the presence of caffeine at our
ﬁeld sites and the relationship between its aver-
age concentration and the degree of urbanization
of the sites were expected. Amphetamine is
another stimulant used in the treatment of vari-
ous human disorders, including attention-deﬁcit
disorder, hyperactivity, and narcolepsy, but is
also widely used illegally as a recreational or
performance-enhancing drug (www.nih.gov).
Several studies have detected amphetamine in
wastewater (Boles and Wells 2010), but only a
few studies have detected amphetamine in
streams (e.g., Huerta-Fontela et al. 2008, Lee
et al. 2016). Acetaminophen has also been
detected in other rivers and its presence linked to
inputs of efﬂuent from a sewage treatment plant
(Choi et al. 2008). In total, these results support
our hypotheses that drugs are present in stream
water at our ﬁeld sites in Baltimore and that the
average concentrations of drugs increase with
the degree of urbanization of the sites.
The compounds used in the CES were chosen
because they represent a range of drug classes and
modes of action. We amended CES with caffeine,
ciproﬂoxacin, cimetidine, and diphenhydramine;
these compounds represent a stimulant, antibiotic,
antihistamine used to treat heartburn, and antihis-
tamine for allergens, respectively. These drugs are
commonly used and have all been previously
detected in aquatic habitats throughout the United
States and Europe (Kolpin et al. 2002, Monteiro
and Boxall 2010). In addition, both caffeine and
diphenhydramine were detected at our ﬁeld sites
in this study (Fig. 1). Ciproﬂoxacin and cimetidine
were not quantiﬁed in the POCIS assay, so it is
unknown whether they were present at our ﬁeld
sites. Our results suggest that microbial communi-
ties were differentially sensitive to these four com-
pounds. The function at the less urban sites was
sensitive to exposure. In contrast, the microbial
communities at the most urban site were highly
resistant to these drugs and were able to form bio-
ﬁlms with high function (i.e., respiration rates)
even on the substrates treated with drugs. This
adaptation may be the result of prior exposure
and selection for resistance to the drugs tested,
which has signiﬁcant implications for the stability
of stream ecosystem processes in urbanized
streams in spite of contaminant exposure.
The microbial communities were signiﬁcantly
different among streams as evidenced by the
composition of bioﬁlms that grew on the control
substrates, that is, where no drugs were added.
Bacteria from the genus Aeromonaswere common
in our most urbanized sites and have frequently
been reported in polluted waters and wastewater
(Martin-Carnahan and Joseph 2005), so the
Table 3. Relative abundance† of bacterial genera making the most signiﬁcant contributions to differences in com-
munity composition between ciproﬂoxacin-treated and non-ciproﬂoxacin-treated samples as identiﬁed by
SIMPER (mean  standard error).
Bacterial genus
Ciproﬂoxacin-treated
samples
Gwynnbrook
non-cipro
samples
Dead Run
non-cipro
samples
Carroll Park
non-cipro
samples
Gwynn’s Run
non-cipro
samples F‡ P‡
Pedobacter 23.01  4.48A§ 0.37  0.12B 0.46  0.19B 0.09  0.02B 1.36  0.21B 30.9 0.000
Pseudomonas 0.14  0.05A 9.15  1.43B 20.63  2.89C 4.29  1.14B 11.30  1.73B 18.8 0.000
Bosea 6.39  1.05A 0.24  0.03B 0.93  0.11B 1.24  0.11B 0.47  0.05B 35.7 0.000
Cellvibrio 2.92  1.01A 0.60  0.13A 0.64  0.09A 16.43  1.64B 1.64  0.10A 63.4 0.000
Flavobacterium 1.50  0.34A 6.48  0.95B 3.21  0.53A 7.40  0.56B 7.96  0.68B 17.4 0.000
Comamonadaceae¶ 4.05  0.95A 5.97  0.55AB 6.54  0.72B 6.62  0.33B 8.00  0.55B 5.1 0.001
Proteobacteria¶ 4.93  2.92A 4.86  2.29A 2.11  0.70A 2.05  0.11A 2.48  0.15A 0.9 0.493
Bacteroidetes¶ 3.47  1.30A 1.98  0.16A 0.99  0.14A 8.32  1.27B 1.24  0.15A 15.6 0.000
Bradyrhizobiaceae¶ 3.85  1.10A 0.20  0.03B 0.05  0.01B 0.04  0.01B 0.17  0.03B 14.2 0.000
Methylophilus 0.73  0.10A 7.83  0.82C 4.77  0.63B 2.35  0.44A 2.35  0.32A 25.6 0.000
Janthinobacterium 0.03  0.01A 6.32  1.52B 2.52  0.87AB 2.06  0.87A 3.34  0.94AB 4.9 0.001
Oxalobacteraceae¶ 2.74  1.69AB 4.08  0.68B 0.43  0.18A 0.18  0.04A 0.57  0.12A 5.9 0.000
† Number of sequences assigned to a genus as a percentage of the total number of sequences analyzed for that sample.
‡ Based on one-way ANOVA.
§ Within each genus, data points followed by different letters are signiﬁcantly different based on Tukey’s post hoc test.
¶ Taxon assignments above the genus level indicate that these sequences were assigned to that taxon but could not be
assigned to a genus within that taxon with >80% conﬁdence.
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abundance of this genus in bioﬁlms from our
urbanized sites ﬁts the proﬁle of this taxon. Most
of the species within the Aeromonas genus are
associated with human disease, especially gas-
trointestinal disease (Janda and Abbott 2010), so
the prevalence of this organism in our urbanized
site raises concerns about water quality and
public health. Flavobacterium is another widely
distributed bacterial genus, occurring mostly in
aquatic ecosystems (Bernardet and Bowman
2006), and they are commonly associated with
bioﬁlms (Basson et al. 2008). Within aquatic
habitats Flavobacterium are involved in the meta-
bolism of various organic compounds, including
carbohydrates and polysaccharides (Bernardet
and Bowman 2006), cellulose derivatives (Bernar-
det and Bowman 2006), and cellulose (Lednicka
et al. 2000), which could explain their high abun-
dance in the most urban streams and their high
abundance on the CES cellulose substrates.
Flavobacterium have also been linked to organic
enrichment/pollution (Bissett et al. 2008) and to
the breakdown of complex aromatic compounds
(Trzesicka-Mlynarz and Ward 1995), both of
which can be associated with urbanized streams.
Therefore, the signiﬁcantly higher abundance of
Flavobacterium in bioﬁlms from these urbanized
sites ﬁts the proﬁle of this taxon.
Although function (i.e., respiration rate) was
maintained at the most urban site when exposed
to drugs, function at the least urban site was
reduced with exposure to drugs, with ciproﬂoxa-
cin resulting in the largest decrease. These results
agree with previous ﬁndings that exposure to
these four compounds reduced bioﬁlm respiration
rates for CES incubated in streams in New York,
Indiana, and Maryland, USA, and that ciproﬂoxa-
cin resulted in the greatest decrease in respiration
rates (Rosi-Marshall et al. 2013). Ciproﬂoxacin is
an antibiotic, so its inhibitory effect on respiration
is likely due to its toxicity to bacteria. Diphenhy-
dramine has also been reported to have some
antibacterial activity (Dastidar et al. 1976), which
may explain its negative effect on respiration. The
mechanisms by which caffeine and cimetidine
inhibit respiration are less clear, as we are not
aware of any reports of direct interactions
between these compounds and bacterial cells.
However, one study found that caffeine exposure
of river bioﬁlm communities resulted in decreased
bioﬁlm biomass coupled with increased density of
protozoa and micrometazoa within the bioﬁlms,
and suggested that the decreased bioﬁlm mass
with caffeine exposure may have been the result
of enhanced grazing (Lawrence et al. 2012). These
types of trophic interactions may also have played
a role in our study.
Exposure to the antibiotic ciproﬂoxacin resulted
in a dramatic shift in bacterial community compo-
sition. These results indicate that this drug exerted
a strong selective pressure on the bioﬁlm commu-
nities, presumably toward more ciproﬂoxacin-
resistant taxa. It is noteworthy that the ciproﬂoxa-
cin-treated samples from all four sites clustered
together on the nMDS plot (Fig. 3). These data
suggest that ciproﬂoxacin is selecting for similar
taxa from all four sites, although the ciproﬂoxacin-
treated samples from each individual site could
still be discriminated on the nMDS plot (Fig. 3)
and were signiﬁcantly different based on AMOVA
(all comparisons of ciproﬂoxacin-treated samples
by site had P < 0.05; Table 1). SIMPER analysis
was used to identify the bacterial genera making
the most signiﬁcant contributions to differences in
composition between the control and ciproﬂoxa-
cin-treated samples. One notable example was the
bacterial genus Pedobacter, which predominated in
ciproﬂoxacin-treated bioﬁlms, representing on
average 23% of total sequences, but was a minor
component of bioﬁlms without ciproﬂoxacin expo-
sure, representing on average <0.5% of sequences
(Fig. 4, Table 3). The genus Pedobacter belongs
to the order Sphingobacteriales, which are Gram-
negative bacteria that are found in a wide array of
habitats and are known for their ability to utilize
unusual compounds, including herbicides and
antimicrobial compounds (Kampfer 2010). In a
prior study, we also observed elevated abundance
of bacteria from the order Sphingobacteriales in the
benthic habitat of a river downstream of the input
of wastewater treatment plant efﬂuent (Drury
et al. 2013b), suggesting that sewage input may
select for this taxon. Pedobacter was also identiﬁed
as one of the predominant antibiotic-resistant taxa
isolated from a sewage-contaminated river in
Brussels, with several isolated strains showing
multi-drug resistance (Garcia-Armisen et al.
2011), and Pedobacter was identiﬁed through isola-
tion of antibiotic-resistant strains from a river in
Estonia (Voolaid et al. 2012). The potential for
antibiotic resistance and the potential ability to
digest antimicrobial compounds suggest possible
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mechanisms that may explain the predominance
of Pedobacter in the ciproﬂoxacin-exposed bioﬁlms.
Ciproﬂoxacin exposure also signiﬁcantly
increased the relative abundance of an unclassiﬁed
genus from the family Bradyrhizobiaceae. Com-
parison of sequences from this unclassiﬁed genus
with the NCBI 16S rRNA database indicated that
the majority matched most closely with Rhodopseu-
domonas pseudopalustris. Rhodopseudomonas pseu-
dopalustriswas only recently proposed as a species,
having previously been considered a strain of
Rhodopseudomonas palustris (Ramana et al. 2012).
Rhodopseudomonas palustris is a member of the
alpha proteobacteria that is widely distributed in
nature and is considered to be one of the most
metabolically versatile bacterial species (Harwood
and Gibson 1988). Several strains of R. palustris
with the ability to metabolize halogenated aro-
matic compounds have been isolated from a range
of environments, including soils, aquatic sedi-
ments, and sewage sludge (Kamal and Wyndham
1990, van der Woude et al. 1994, Egland et al.
2001). Ciproﬂoxacin is a halogenated aromatic
compound, so the increased relative abundance of
genes matching closely with R. pseudopalustris on
the ciproﬂoxacin amended substrates in our study
may reﬂect this organism’s ability to degrade the
drug. In addition, the complete genome of
R. palustris was sequenced and revealed the pres-
ence of genes encoding an unusually large number
of transport systems, including 20 transport sys-
tems classiﬁed as heavy metal and drug efﬂux
pumps (Larimer et al. 2004). The presence of mul-
tiple drug efﬂux pumps suggests that R. palustris
may be resistant to a range of antibiotics, and
indeed, a strain of R. palustris that was resistant to
at least four antibiotics (including ciproﬂoxacin)
was recently isolated from a sewage-contaminated
river (Schreiber and Kistemann 2012). Therefore,
the high relative abundance of R. pseudopalustris
on the ciproﬂoxacin amended substrates in our
study may also reﬂect this organism’s intrinsic
antibiotic resistance.
Ciproﬂoxacin exposure also dramatically
decreased the relative abundance of sequences
from the bacterial genus Pseudomonas (Fig. 4,
Table 3). Organisms from the Pseudomonas genus
are common in freshwater ecosystems and are
known for their ability to produce bioﬁlms (Pal-
leroni 2010) and for their ability to degrade a large
variety of organic molecules (Palleroni 2010).
Some Pseudomonas strains can degrade common
urban pollutants such as benzene and toluene
(Reardon et al. 2000), polycyclic aromatic hydro-
carbons (Deziel et al. 1996), and polychlorinated
biphenyls (Hickey and Focht 1990). Therefore, the
decrease in abundance of Pseudomonas within bio-
ﬁlms in response to ciproﬂoxacin exposure that
was observed in our study could have signiﬁcant
implications for the ability of urban stream bio-
ﬁlms to process a number of urban contaminants.
However, care should be taken when attempting
to assign functional roles to bacterial genera iden-
tiﬁed based on 16S rRNA gene sequence data, as
many bacterial genera, including Pseudomonas, are
functionally diverse. Further work would be
required to identify speciﬁc linkages between
pharmaceutical exposure and changes in the func-
tional capabilities of bacterial communities.
While ciproﬂoxacin exposure caused a shift in
community composition for bioﬁlms from all
four streams, it is noteworthy that the largest
shift in composition occurred for the most urban-
ized site (GR), which had not shown any reduc-
tion in respiration rates with ciproﬂoxacin
exposure. This result directly contradicted our
hypothesis that bioﬁlms in the most urban
streams are resistant, in terms of both taxonomic
composition and function, to the drugs due to
previous exposure. As discussed above, the bio-
ﬁlms from GR were resistant to ciproﬂoxacin
exposure in terms of community function (i.e.,
respiration) (Fig. 2), but these communities
showed the largest shift in taxonomic composi-
tion in response to ciproﬂoxacin (Fig. 3). Gwynns
Run communities on the control substrates had
the highest taxonomic richness, but showed the
largest decrease in richness when exposed to
ciproﬂoxacin. These results suggest that prior
exposure to drugs at GR selected for a bacterial
community that included a sub-population of
organisms with a high level of resistance to
ciproﬂoxacin. It is possible that these organisms
were able to rapidly colonize the ciproﬂoxacin
CES, producing a bioﬁlm community with signif-
icantly different taxonomic composition that was
able to maintain a level of function equivalent to
the communities on the control substrates. In
contrast, the microbial communities from the less
urbanized sites, which had less prior exposure to
drugs, may not have had as large a sub-popula-
tion of organisms with a high level of resistance
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to ciproﬂoxacin, so they were less able to success-
fully colonize the ciproﬂoxacin CES and were
thus unable to maintain a level of function equiv-
alent to the communities on the control sub-
strates. These results indicate that large shifts in
community taxonomic composition may be
responsible for maintaining function in urban
streams, and provide novel insights into the
potential biological effects of common anthro-
pogenic contaminants on the stability, health,
and long-term productivity of stream ecosystems
in urban watersheds.
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